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It has been hypothesized that a wide variety
of reproductive and developmental problems
observed in some wildlife populations and in
humans are caused by exposure to environ-
mental contaminants that can interfere with
endocrine signaling pathways (reviewed by
Vos et al. 2000). This hypothesis is supported
by a growing body of evidence from labora-
tory studies that show that pollutants present
in the environment can disrupt the endocrine
functioning of wildlife species, thus causing
permanent alterations in the structure and
function of the endocrine system [reviewed
by Tyler et al. (1998)].
There are, however, signiﬁcant gaps in our
knowledge of endocrine disruption in wildlife
and humans, particularly in the causes and
mechanisms of these phenomena. Although the
interaction of pollutants with endogenous hor-
mone receptors (e.g., the estrogen receptor) con-
tinues to dominate the literature, there are many
associations between exposure to endocrine-dis-
rupting chemicals (EDCs) and a variety of bio-
logical outcomes for which the mechanisms of
action are poorly understood. This makes it dif-
ﬁcult to distinguish between direct (hormone-
receptor–mediated) and indirect effects and
between primary and secondary outcomes.
Moreover, wildlife species are rarely
exposed to single chemicals but instead are
exposed to complex, fluctuating mixtures of
contaminants that may act in various ways
(Silva et al. 2002; Sumpter 2003; Thorpe
et al. 2001, 2003) and that may induce com-
bination effects (Rajapakse et al. 2002) via the
same or different mechanisms. Wastewater
treatment works (WwTW) efﬂuent, for exam-
ple, contains a mixture of natural and syn-
thetic xenobiotics, household and agricultural
chemicals, pharmaceuticals, hormones, and
other compounds, many of which remain
unidentified (Stevens et al. 2003). Studies
have correlated exposure to WwTW efﬂuent
with alterations in sex steroid hormone levels
in adult and juvenile ﬁsh (Folmar et al. 1996,
2001a; Hecker et al. 2002), impaired gonadal
development in adults and juveniles
(Hemming et al. 2001; Jobling et al. 2002;
Sheahan et al. 2002), altered sexual differenti-
ation in early life stages (Rodgers-Gray et al.
2001), and induction of the egg-yolk precur-
sor protein vitellogenin (VTG) in adult male
and juvenile ﬁsh of both sexes (Harries et al.
1999; Purdom et al. 1994; Rodgers-Gray
et al. 2001). These effects have been associated
with the presence of chemical contaminants in
the efﬂuents that act as estrogen receptor ago-
nists, including natural and synthetic steroids
(Desbrow et al. 1998; Routledge et al. 1998),
alkylphenol polyethoxylates (Gimeno et al.
1997, 1998; Gronen et al. 1999; Jobling et al.
1996; Seki et al. 2003), and phthalates and
pesticides (Ankley et al. 2001; Christiansen
et al. 2000; Jobling et al. 1995; Sohoni and
Sumpter 1998). These disorders, however,
may not necessarily be a consequence of
estrogenic effects alone.
Many EDCs are reactive chemicals that
exhibit multiple mechanisms of toxicity by act-
ing at different sites within the body.
Consequently, alterations to the endocrine
immune and nervous systems and damage to
genetic material may each contribute toward
the overall toxic impact of a particular chemi-
cal (Choi et al. 2004; Galloway and Handy
2003; Handy 2003; Roy and Liehr 1999). It is
pertinent to note that a recent comprehensive
literature survey of 48 EDCs revealed that
79% of these were also carcinogenic or muta-
genic, 52% were also immunotoxic, and 50%
were also neurotoxic (Choi et al. 2004).
Essentially half of all the chemicals tested
(including both natural and synthetic) cause
tissue injury at high enough doses (and thus
could result in disruptions in immune func-
tion and in cancers, etc.). Both 4-tert-
nonylphenol (4-NP) and bisphenol A (BPA),
for example, are contaminants found at appre-
ciable concentrations in the aquatic environ-
ment that can cause endocrine disruption by
interacting with both the estrogen receptor (as
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Concern has been raised in recent years that exposure to wastewater treatment effluents containing
estrogenic chemicals can disrupt the endocrine functioning of riverine fish and cause permanent alter-
ations in the structure and function of the reproductive system. Reproductive disorders may not neces-
sarily arise as a result of estrogenic effects alone, and there is a need for a better understanding of the
relative importance of endocrine disruption in relation to other forms of toxicity. Here, the integrated
health effects of long-term effluent exposure are reported (reproductive, endocrine, immune, genotoxic,
nephrotoxic). Early life-stage roach, Rutilus rutilus, were exposed for 300 days to treated wastewater
effluent at concentrations of 0, 15.2, 34.8, and 78.7% (with dechlorinated tap water as diluent).
Concentrations of treated effluents that induced feminization of male roach, measured as vitellogenin
induction and histological alteration to gonads, also caused statistically significant alterations in kidney
development (tubule diameter), modulated immune function (differential cell count, total number of
thrombocytes), and caused genotoxic damage (micronucleus induction and single-strand breaks in gill
and blood cells). Genotoxic and immunotoxic effects occurred at concentrations of wastewater effluent
lower than those required to induce recognizable changes in the structure and function of the reproduc-
tive endocrine system. These findings emphasize the need for multiple biological end points in tests
that assess the potential health effects of wastewater effluents. They also suggest that for some effluents,
genotoxic and immune end points may be more sensitive than estrogenic (endocrine-mediated) end
points as indicators of exposure in fish. Key words: endocrine, fish, genotoxic, health, immunotoxic,
reproductive, wastewater treatment works. Environ Health Perspect 114(suppl 1):81–89 (2006).
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agonists; Gaido et al. 1997) and the androgen
receptor (Sohoni and Sumpter 1998). In addi-
tion, 4-NP can disrupt steroidogenesis in the
liver and can interfere with the dynamic con-
trol of follicle-stimulating hormone release
from the pituitary (Harris et al. 2001).
Moreover, recent studies have also shown that
concentrations of 4-NP and BPA that inhibit
gonadal development and reproductive func-
tion in ﬁsh can also cause damage to the kid-
neys (as a consequence of VTG induction) and
decreased body weight and induce stressed
behavior (Magliulo et al. 2002) as well as result
in damage to DNA [in barnacles, Atienzar
et al. (2002)] and to the immune system [in
rats, Karrow et al. (2004)]. Similarly, steroid
estrogens that are known to be present in
WwTW efﬂuents (Desbrow et al. 1998) and to
cause feminizing effects in fish have been
reported to be genotoxic in mammals both in
cell lines and in vivo (Banerjee et al. 1994;
Floyd et al. 1990; Han and Liehr 1994; Nutter
et al. 1991, 1994).
With these issues in mind, we need a better
understanding of the relative importance of the
impact of endocrine disruption on the physiol-
ogy of wild organisms compared with the other
forms of toxicity. Furthermore, studies are also
needed to help unravel how some of the health
effects seen in wildlife and ascribed to
endocrine disruption are actually mediated. To
date, virtually nothing is known of the poten-
tial importance of interacting modes of toxicity
in complex cocktails of pollutants. Several
studies have documented either the immuno-
logical (Kakuta and Murachi 1997) or geno-
toxic (White et al. 1996) activity/effects of
WwTW efﬂuents separately, but there are no
studies in which the impacts of WwTW efﬂu-
ents on these axes have been examined simulta-
neously or that have compared the relative
importance and sensitivity for these disrup-
tive/toxic effects. Our goal in this present study
was to ﬁll these knowledge gaps by examining
the integrated health effects (reproductive,
endocrinological, immunological, genotoxic,
and nephrotoxic) of long-term (300-day) expo-
sure to a range of concentrations of a treated
WwTW efﬂuent on the roach (Rutilus rutilus),
a common European fish species in which a
widespread incidence of endocrine disruption
has been described and reported (Jobling et al.
1998; Nolan et al. 2001). The exposure regime
adopted covered the period of embryogenesis
and development during early life.
Materials and Methods
Fish and experimental protocol. The inﬂuent
entering the study WwTW was predominantly
domestic in origin, with an industrial compo-
nent of approximately 24%. The population
equivalent of the WwTW was approximately
312,700. Treatment of inﬂuent to the WwTW
consisted of screens and primary settlement,
followed by either a bubble-diffused air sludge
treatment process (60% of the influent) or a
biological phosphorus removal treatment
process (40% of the inﬂuent), and both treat-
ment components were combined before dis-
charge from the WwTW. Final effluent was
passed through a 100-µm filter before it was
supplied to the tanks holding the ﬁsh. The ﬂow
rate through each of the tanks was 5 L/min,
and ﬂow rate and water temperature were mon-
itored daily. Measured concentrations of
WwTW effluent were 0 ± 0, 15.24 ± 0.23,
34.81 ± 0.31, and 78.70 ± 0.43%, diluted with
dechlorinated tap water. The temperature of
the efﬂuent/diluent water ﬂuctuated with the
ambient temperature in all exposure tanks, but
there were no signiﬁcant differences in water
temperature between the various treatments at
any time point (p > 0.05). Throughout the trial
the tanks were aerated to ensure sufficient
oxygen supply to sustain the ﬁsh biomass.
Roach were exposed from fertilization
throughout embryonic development until they
were 300 days posthatch (dph) to encompass
the periods of embryonic development and
sexual differentiation in this species. For the
collection of gametes to generate the required
embryos, adult broodstock roach were
induced to spawn using intraperitoneal injec-
tions of carp pituitary extract according to
established protocols. Eggs were collected and
pooled from five females and pooled sperm
from six males was used to fertilize these eggs.
Fertilized eggs were placed on raised mesh
hatching trays in each 50-L glass-reinforced
plastic exposure tank with ﬂow-through con-
ditions. The embryos were cleaned of sedi-
ment twice daily by gently pushing water over
them with a Pasteur pipette. From hatching,
fry were fed newly hatched Artemia until they
were approximately 60 days old, and then
commercial cyprinid pelleted food was intro-
duced (Calverton Fish Farm, Nottingham,
UK) and Artemia feeds were gradually phased
out. For the remainder of the trial, ﬁsh were
fed the pelleted food twice daily. Fish were
transferred into larger 600-L mesocosm tanks
at approximately 70 dph.
Chemical analysis. We performed chemi-
cal analysis on the efﬂuent to measure steroid
estrogens and some alkylphenolic chemicals
that are known/suspected to induce feminiz-
ing effects in wild ﬁsh. Seven-day composite
efﬂuent samples were collected 3 times during
the exposure period (on days 0–7, 27–33, and
54–60) and analyzed for the steroid estrogens
17β-estradiol, estrone, and 17α-ethinyl-
estradiol and the alkylphenolic compounds
octylphenol, nonylphenol, and nonylphenol
mono- and diethoxylates. Analysis methods
used solid-phase extraction to isolate the
compounds of interest and analysis by gas
chromatography–mass spectrometry (GC-MS)
(described in detail by Blackburn and Waldock
1995; Kelly 2000). Briefly, the estrogenic
chemicals were immobilized on a C18 silica-
bonded solid-phase extraction column, eluted,
and analyzed by GC-MS.
Biological sampling. After 300 days of
exposure, 60 roach from each treatment were
sacrificed with a lethal dose of anesthetic
(benzocaine). Thirty ﬁsh from each treatment
were weighed (milligrams) and their fork
length measured (millimeters) for growth
analyses. These fish were then placed into
cryovials, frozen on dry ice, and stored at
–20°C for subsequent analysis of VTG and
sex steroids. Thirty ﬁsh from each treatment
were ﬁxed in Bouin’s solution for 24 hr and
stored in 70% industrial methylated spirits
before processing for histological analysis of
gonad and kidney development. A further
20 fish from each treatment group trans-
ported live from the field to the laboratory
and were processed for analysis of genetic
damage and immunotoxicity.
Gonadal and kidney histology. Transverse
tissue blocks of roach whole bodies (30 from
each treatment) were prepared by cutting each
ﬁsh trunk either side of the dorsal ﬁn. Samples
were then embedded in paraffin wax, sec-
tioned at 5 µm, mounted and stained with
hematoxylin and eosin, and analyzed by light
microscopy. Any abnormalities in gonadal
development were assessed (feminized repro-
ductive ducts or developing oocytes in the
testes) according to Nolan et al. (2001).
Each histological section was also assessed
for any abnormalities of the structure of the
kidney. In ﬁsh, injured kidney nephrons have
the capacity for repair after toxicant-induced
damage. Fish have also been shown to be able
to produce developing nephrons (DNs) after
renal damage (Reimschuessel et al. 1990,
1993; Salice et al. 2001). During the process of
de novo nephron neogenesis, a basophilic cell
cluster (BC) forms, which develops a cavity to
form the renal vesicle. This grows and becomes
ﬁrst C-shaped and then S-shaped. One end of
the S-shape indents farther and forms the
glomerulus and Bowman’s capsule, whereas
the other end grows out farther and fuses with
the archinephric (collecting) duct. The tubules
elongate, coil, and intertwine as the nephron
develops (Reimschuessel 2001). BCs and DNs
have been proposed as useful biomarkers for
assessing nephrotoxicity (Cormier et al. 1995),
and in this study, numbers of glomeruli, DNs,
and BCs were counted over one ﬁeld of view of
a kidney cross-section. Kidney tubule diameter
was measured for 10 nephrons in each kidney
section. Measurements were taken using image
analysis software (analySIS, version 3.2; Soft
Imaging System, GmHB, Münster, Germany).
VTG immunohistochemistry. We used
immunohistochemistry to detect the presence
and assess the distribution of VTG in the
body tissues of 10 male and 10 female juvenile
Liney et al.
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roach from the control and 80% effluent
treatments, using a carp VTG polyclonal anti-
body (validated for use in the roach; Tyler
et al. 1996). For immunohistochemistry, glass
microscope slides were treated with Vectabond
(Vector Laboratories Ltd, Peterborough, UK)
to aid slide attachment of parafﬁn sections and
prevent detachment during processing.
Whole-body sections of juvenile roach were
cut at 5 µm and applied to treated slides at
three sections per slide. Two tissue sections
were incubated with the ﬁrst (unlabeled) anti-
body (anti-carp VTG, raised in rabbit), and a
solution of blocking buffer and 0.03% hydro-
gen peroxide was applied to the third section
on each slide to demonstrate any nonspeciﬁc
binding of antibody. A labeled second anti-
body was then applied (goat anti-rabbit IgG,
conjugated with peroxidase). The horseradish
peroxidase label was visualized using 3,3´-
diaminobenzidine (DAB), which produces a
brown precipitate (Sigma Fast DAB kit;
Sigma, Poole, Dorset, UK). Sections were
then counterstained with hematoxylin, de-
hydrated, and mounted with dibutyl phthalate
polystyrene xylene mountant.
Measurement of VTG in the body. We pre-
pared whole-body homogenates by defrosting
the bodies of individual ﬁsh on ice and homog-
enizing with a phosphate-buffered saline,
0.05% Tween, and 1% bovine serum albumin,
pH 7.4 (1 mL buffer/g of ﬁsh). After centrifu-
gation at 15,000 rpm, the supernatant was
removed and stored at –20°C. Quantiﬁcation
of whole-body VTG was determined using a
carp VTG enzyme-linked immunosorbent
assay (ELISA) (Tyler et al. 1999) until assayed
in the VTG ELISA that has been validated for
use in the roach (Tyler et al. 1996).
Assessment of genetic integrity. Comet
assay. We used the comet assay to investigate
the level of DNA damage in single cells in
terms of strand breaks and alkali labile sites.
The assay was performed on blood and gill cells
of 30 ﬁsh from each treatment. The methodol-
ogy was essentially as described by Singh et al.
(1988). Gills were dissected and placed in
500 µL of phosphate buffer (50 mM sodium
phosphate, pH 7.4) on ice. The gills were
homogenized gently, and the cells were ﬁltered
through a 30-µm mesh to produce a single-cell
suspension. Blood (5 µL) was placed into 1 mL
of 4°C phosphate buffer. Two hundred micro-
liters of the gill or blood cell suspension was
centrifuged at 2,000 rpm at 4°C for 2–3 min,
after which the supernatant was removed.
Eighty-five microliters of 1% low-melting-
point agarose was pipetted onto the cell pellet.
The cell suspension was then carefully pipetted
onto a frosted slide coated with high-melting-
point agarose, sandwiching the cells between
two layers of agarose gel. After the gel had set,
the slides were placed into a freshly prepared
lysing solution at 4°C for 1 hr [2.5 M NaCl,
100 mM Na2–EDTA, 10 mM Tris, 1% Na
sarcosinate (pH 10.0), 1% Triton X-100, and
10% dimethylsulfoxide]. The lysis and follow-
ing steps of the comet assay protocol were car-
ried out in the dark and at 4°C to prevent any
additional damage to the cellular DNA.
The slides were then removed from the lysis
solution and placed on a horizontal gel elec-
trophoresis tank. The tank was ﬁlled with fresh
electrophoresis buffer (300 mM NaOH, 1 mM
Na2–EDTA) and the DNA allowed to unwind
for 40 min before electrophoresis, which was
carried out at 25 V for 30 min. After elec-
trophoresis the slides were washed for 5 min in
neutralizing buffer (0.4 M Tris, pH 7.5), and
the wash was repeated 3 times. The slides were
stained with 20 µL of 5 µg/mL ethidium bro-
mide solution, viewed under ultraviolet ﬂuores-
cence light, and scored using Komet software
(version 5.0; Kinetic Imaging Ltd. Wirral, UK).
A total of 100 randomly chosen cells were
scored per ﬁsh, 50 per replicate.
Micronucleus test. Micronuclei provide an
index of both chromosome breakage and chro-
mosome loss. We used blood and gill suspen-
sions for analysis of micronucleus/micronuclei
(Mn) formation as described by Das and
Nanda (1986). Gills were dissected and placed
in 500 µL of phosphate buffer on ice. The gills
were homogenized gently, and the cells ﬁltered
through a 30-µm mesh to produce a single-cell
suspension. Gill suspension (200–300 µL) or a
drop of blood was smeared onto slides that had
been precoated in 10% poly-L-lysine solution.
The slides were left to air dry and then ﬁxed in
methanol for 15 min, followed by staining in
5% Giemsa buffer solution for 20 min, after
which the slides were mounted with a coverslip.
Slides were scored blind under 40× magniﬁca-
tion, and Mn were validated under oil immer-
sion. A total of 1,000 red blood cells and 1,000
gill cells were analyzed for the presence of Mn
per ﬁsh (Countryman and Heddle 1976).
Assessment of immunotoxicity. We used a
tiered approach to assess the integrated func-
tioning of the immune system in the test ﬁsh
(Galloway and Handy 2003; Zelikoff et al.
1994). A general screen of immune function
included total blood cell count and histology.
Functional parameters included differential
blood cell count (Stolen 1995) and phagocytic
activity of spleen and kidney cells. Total and
differential blood cell counts were determined
microscopically using a hemocytometer. The
phagocytic activity of kidney and spleen cells
was determined by measuring the uptake of
zymosan particles (from Saccharomyces cerevisae)
dyed with neutral red dye. In this method
(Rickwood and Galloway 2004), particle
uptake by adhered cells is estimated by
absorbance at 540 nm against a standard curve
prepared using zymosan particles in the range
of 1.56–100 × 107/mL. The protein concentra-
tion of each hemolymph sample from the
phagocytosis assay was determined using the
Bradford protein assay. The viability of spleen
and kidney cells was determined by measuring
their ability to retain neutral red dye (Babich
and Boernfreund 1994). Cells (50 µL) were
incubated in triplicate in flat-bottomed
microtiter plates in order to allow a monolayer
of cells to adhere to the wells. After 45 min
nonadhered cells were discarded and the plates
washed with phosphate buffer. A solution of
0.004% neutral red dye in phosphate buffer
(200 mL) was added to each well, and the cells
were incubated for a further 3 hr at room
temperature. The wells were washed, and an
acidified solution of 1% acetic acid and
20% ethanol was added to resolubilize the dye.
The plate was gently shaken for 10 min before
reading the absorbance at 540 nm.
Statistical analyses. We performed all
statistical analyses using Sigmastat (ver-
sion 2.0; Jandel Scientific, Woking, Surry,
UK) or Statgraphics (version 5; Rockville,
MD, USA). Statistical significance was
accepted at p < 0.05 for all comparisons.
Intergroup differences were assessed using
one-way analysis of variance (parametric, for
normalized data) or Kruskal-Wallis test (non-
parametric). Multiple comparisons tests were
performed using post-hoc analyses for para-
metric or nonparametric data.
Results
Concentrations of steroid estrogens and
alkylphenolic chemicals in the test effluent.
Chemical analysis of the efﬂuent showed that
concentrations of estrone were between 6.5
and 8.6 ng/L, and of 17β-estradiol between
0.7 and 3.6 ng/L. The synthetic estrogen
17α-ethinylestradiol was not detected in the
efﬂuent at any of the sampling points (limit of
detection, 0.5 ng/L). Concentrations of
nonylphenol ranged between 0.62 and
0.92 µg/L, and concentrations of nonylphenol
mono- and diethoxylates were between 0.79
and 2.7 µg/L. Concentrations of octylphenol
were between 0.1 and 0.41 µg/L.
Effects of effluent exposure on fish growth
and survival. We could not determine the rate
of mortality in these experiments because the
aquaria were too large to catch all the fry with-
out damaging them. At the end of the trial,
the ﬁsh in the 80% efﬂuent treatment group
were signiﬁcantly larger than ﬁsh from the tap
water control group or from the 40% efﬂuent
treatment group (p < 0.05) but equal in size to
those in the 20% effluent treatment group.
Differences in growth between treatments
were not found to be related to the concentra-
tion of the efﬂuent and may be due to stock-
ing density and/or natural food availability.
Gonadal histopathology. Gonad histo-
pathology of roach at 300 dph revealed that
there were four gonad phenotypes: undifferen-
tiated, female, male, and male with female
Health effects of wastewater treatment works effluent
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reproductive ducts (intersex; Figure 1A–D).
Undifferentiated fish had no discernable
reproductive duct and no obviously differen-
tiated germ cells (Figure 1A). A greater pro-
portion of the fish were undifferentiated in
the controls compared with those in any of
the other treatments. In the 80% effluent
treatment, all the ﬁsh had differentiated. The
frequencies of female or male ﬁsh did not dif-
fer significantly between the different treat-
ments. Ovaries of phenotypic female fish
contained primary oocytes (Figure 1B), and
there were no discernable differences in the
status of the ovaries in control ﬁsh compared
with effluent-exposed females. The testes
in phenotypic males in the control group
contained spermatogonia A or both spermato-
gonia A and B. In some males the testes con-
sisted of well-deﬁned cysts of spermatogonia A
and B (Figure 1C), and several individuals had
very advanced testes containing spermato-
gonia A and B, spermatocytes, and spermatids
within the cyst structures. Some male ﬁsh that
had been exposed to WwTW efﬂuent had fem-
inized reproductive ducts. These testes con-
tained male germ cells (spermatogonia A, and
both spermatogonia A and B in more advanced
ﬁsh) but were connected to the body wall by
two distinct points of attachment, forming a
femalelike duct or ovarian cavity (Figure 1D).
All sexually differentiated female ﬁsh had
an ovarian cavity (female reproductive duct), as
expected. Furthermore, in the efﬂuent-treated
tanks, there was a concentration-related
response in the number of fish with obvious
male germ cells and ovarian cavities (p <
0.001). The frequencies of ovarian cavities or
femalelike reproductive ducts in sexually differ-
entiated male ﬁsh are shown in Figure 2A. At
300 dph the incidences of duct feminization in
ﬁsh sexually differentiated with male germ cells
were 4.5, 25, and 100% for the 20, 40, and
80% effluent-exposed groups, respectively.
None of the males derived from control tap
water contained an ovarian cavity.
Whole-body VTG concentrations. As with
the feminization of the reproductive ducts in
male fish, there was a concentration-related
response for whole-body VTG with increas-
ing concentrations of effluent (Figure 2B).
Fish exposed to 80% effluent had signifi-
cantly higher body VTG content (1,709 ±
211 ng/mL) compared with controls (33 ±
9 ng/mL).
Localization of VTG in body tissues. In
control ﬁsh, we did not detect VTG on any of
the sections in any tissue in either male or
female fish (detection capability for the
immunolocalization technique employed,
~ 100 ng). This corresponded with VTG
measurements for whole-body homogenates
and the status of sexual development in females
(all were at the previtellogenic stage). However,
in fish exposed to 80% effluent, VTG was
detected in all sections and had permeated many
tissues. VTG was detected in the liver, its site of
synthesis, and particularly in hepatic blood ves-
sels. It was also observed to accumulate in the
kidneys, speciﬁcally around the tubules, and in
the gonad. In the ovary and testis of efﬂuent-
exposed ﬁsh, VTG was detected in the blood
vessels and between the germ cells (oocytes in
the ovary and spermatogonia in the testis). No
differences were apparent in amount or location
of VTG in the somatic tissues between efﬂuent-
exposed males and females.
Genetic damage. We found signiﬁcant dif-
ferences in the incidence of single-strand DNA
breaks among treatments assessed using the
Olive tail moment for blood and gill cells
(Figure 3A). Olive tail moment is deﬁned as
the product of the tail length and the fraction
of total DNA in the tail (intensity of DNA in
the tail). Fish exposed to only 20% WwTW
efﬂuent had a signiﬁcantly greater incidence of
single-strand DNA breaks than the controls in
both blood (p < 0.005) and gill (p < 0.001).
Moreover, this level of damage was also present
in ﬁsh exposed to all other concentrations of
efﬂuent. There was no dose relationship in the
number of single-strand breaks found in blood
cells of effluent-exposed fish, although there
Liney et al.
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Figure 1. Histopathology of roach. (A) Undifferentiated gonad (G) of a 300-dph roach. The gonad consists
of several primordial germ cells (PGC). Scale bar = 100 µm. (B) Ovary of a 300-dph female roach reared in
tap water. The ovary contains oogonia (O) and primary oocytes (PO). The plate also shows the ovarian
cavity (OC). Scale bar = 200 µm. (C) Testis of a 300-dph male roach reared in tap water. The testis contains
spermatogonia A (SGA) and is connected to the mesentery (M) by a single point of attachment, the sperm
duct (SD). Scale bar = 100 µm. (D) Gonad of a 300-dph intersex roach reared in 80% effluent. The testis
contains spermatogonia A (SGA) and is connected to the mesentery (M) by two points of attachment
(large arrows), forming a femalelike ovarian cavity (OC). Scale bar = 200 µm.
*
*
#
Control 20% 40% 80%Control 20% 40% 80%
2,250
1,500
750
0
100
80
60
40
20
0
Nominal percentage
WwTW effluent concentration
Nominal percentage
WwTW effluent concentration
Pe
rc
en
ta
ge
 o
f f
is
h 
w
ith
 m
al
e 
ge
rm
ce
lls
 a
nd
 fe
m
al
e-
lik
e 
ov
ar
ia
n 
ca
vi
tie
s
VT
G
 (n
g/
m
L)
A B
Figure 2. (A) Percentage of ﬁsh with male germ cells that had femalelike ovarian cavities (i.e., feminized
males) in each treatment group. (B) Mean whole-body VTG concentrations (n = 30; mixed sex) for all
treatment groups. Error bars are SEM.
Signiﬁcantly different from control: *p < 0.05, #p < 0.001.
were differences in gill cells (p < 0.001, R2 =
0.575). The ﬁsh exposed to the 20% efﬂuent
had significantly less damage than those fish
exposed to either 40 or 80% effluent. There
was no difference in the degree of damage
between ﬁsh exposed to 40 or 80% efﬂuent. In
addition to the incidence of single-strand
breaks, there were also signiﬁcant differences in
the induction of Mn in the blood (p < 0.001)
and gill cells (p < 0.001) between the control
ﬁsh and ﬁsh exposed to all efﬂuent concentra-
tions (Figure 3B). Generally there was no sig-
nificant difference between any of the
concentrations of efﬂuent, except for a signiﬁ-
cant difference between the Mn frequency in
gill cells from fish exposed to the 40 and
80% concentrations.
Immunotoxic effects. We found no signiﬁ-
cant differences in the weight or histology of
the spleen (data not shown). In addition, we
observed no functional differences in cell via-
bility or phagocytic activity, and the antioxi-
dant capacity of the cells remained unaltered.
There were, however, significant changes in
differential cell count. There was a decrease in
the proportion of circulating lymphocytes
with increasing concentrations of effluent
(p < 0.05; Figure 3C) and a concomitant
increase in the proportion of thrombocytes in
the blood in fish with increasing concentra-
tions of effluent (Figure 3D; p < 0.05).
Statistically significant effects for both the
number of lymphocytes and thrombocytes
occurred for all efﬂuent concentrations tested.
Kidney histopathology. Figure 4A and B,
shows typical sections of the trunk kidney of
300 dph roach exposed to tap water or to
80% WwTW effluent, respectively. Kidney
tubules were surrounded by hematopoietic tis-
sue and were normal in structure in both con-
trol and efﬂuent-treated ﬁsh. The diameter of
nephrons, however, was increased in a concen-
tration-dependent manner with increasing
effluent concentration. Tubule diameter in
ﬁsh exposed to all efﬂuent concentrations was
greater than in the control fish (p < 0.001;
Figure 5A). There was no evidence of any
degeneration, hemorrhage, or accumulation of
eosinophilic material in the tubule lumen.
Glomeruli and associated Bowman’s capsules
were observed in many of the trunk regions of
the kidney cross-sections, and all glomeruli
observed were considered to be normal and
healthy. There was an apparent concentration-
dependent increase in glomeruli in effluent-
exposed fish, but this was not statistically
significant (data not shown). There was a
higher occurrence of BCs in the 40% efﬂuent
group but not in the 80% effluent-exposed
fish (Figure 5B). There was also a higher
occurrence of DNs in the 80% effluent-
exposed ﬁsh (p < 0.05) but not in ﬁsh in the
lower effluent concentrations. Within each
treatment group and in the controls, no
gender-related differences were seen for any of
the effects.
Discussion
The results of this experiment clearly demon-
strate that concentrations of treated WwTW
effluents that induce feminization of male
roach also alter kidney development, modulate
immune function, and cause genotoxic damage
in exposed animals. Moreover, the genotoxic
and immunotoxic effects measured appeared to
occur at concentrations of WwTW effluent
lower than that required to induce recognizable
changes in the structure and function of the
reproductive endocrine system.
Other ﬁeld studies have also reported geno-
toxic (Raiaguru et al. 2003) and immunotoxic
(Kakuta and Murachi 1997; Secombes et al.
1991) effects in fish and invertebrates living
downstream of WwTW efﬂuent discharges. In
some cases, these effects manifest quite rapidly
and at low concentrations of effluent. As an
example, the frequency of Mn in erythrocytes
in the sea bass, Dicentrarchus labrax, increased
signiﬁcantly at 4, 8, 16, 24, 48, and 96 hr after
exposure to 0.1 and 1% secondary treated
industrial/urban effluent discharged into the
Aveiro coastal area, Portugal (Gravato and
Santos 2003). In another case, however, no dif-
ference in Mn formation was reported in ﬁsh
from a WwTW site compared with ﬁsh from a
clean water site (Grisolia and Starling 2001),
thus indicating that not all efﬂuents are geno-
toxic. In our present study, even the lowest
concentration of the WwTW effluent tested
(20%) induced genotoxic effects; hence the
threshold concentration for genotoxicity for
this efﬂuent could not be established.
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Figure 3. (A) Olive tail moment (comet assay) in roach blood cells (n = 20 ﬁsh for all treatment groups). (B)
Average number of Mn per 1,000 roach cells (n = 20 fish). (C) Average number of lymphocytes per 200
leukocytes in blood of roach (n = 20 ﬁsh). (D) Average number of thrombocytes per 200 leukocytes in blood
of roach (n = 20 ﬁsh). Error bars represent 2× SE.
Signiﬁcantly different from control: *p < 0.001.
Figure 4. Histopathology of roach kidney. (A) Transverse section through the trunk kidney of a 300 dph
roach reared in tap water. Kidney tubules (T) and a blood vessel (BV) are shown. Scale bar = 100 µm. (B)
Transverse section through the trunk kidney of a 300-dph roach reared in 80% efﬂuent. Several BCs and
DNs were present at various stages of development, among mature tubules (T). Scale bar = 200 µm.
In addition to its genotoxic and endocrine
effects, the treated WwTW effluent tested
induced changes to the immune system.
Previous studies have indicated that adult gold-
ﬁsh (Carassius auratus) exposed for 30 days to
treated WwTW efﬂuent diluted to 5% experi-
enced signiﬁcant immunosuppression (Kakuta
and Murachi 1997). Both the total number
and the function (phagocytic activity) of lym-
phocytes and granulocytes were decreased, thus
leading to an increased susceptibility to infec-
tion (Kakuta and Murachi 1997). Secombes
et al. (1991) found less marked immunosup-
pressive effects of treated WwTW efﬂuent in
dab, Limanda limanda, exposed for 12 weeks,
although a small decrease in circulating throm-
bocytes was noted. This indicates either that
different species may show different suscepti-
bilities for immunosuppressive effects of
WwTW or that different WwTW effluents
have different compositions (Secombes et al.
1991). Life stage may be more important than
the concentration and duration of exposure for
immunosuppressive effects. A recent study
showed that a short-term exposure of very early
life-stage chinook salmon, Oncorhynchus
tshawytscha, to organic contaminants induced
long-term effects on immune competence
(1 year after treatment) in the absence of any
effects on growth and reproduction (Milston
et al. 2003).
Both VTG and feminization of the repro-
ductive ducts seen in this study are known to
be induced in male fish after exposure to
estrogenic chemicals or to WwTW effluents
containing estrogenic chemicals (Gimeno et al.
1997; Rodgers-Gray et al. 2001). The concen-
trations of steroid estrogens and alkylphenolic
chemicals in the study efﬂuent were compara-
ble with those measured in other WwTW
efﬂuents in the United Kingdom and world-
wide, although concentrations of steroid estro-
gens were in the lower range of concentrations
reported in other studies (Eggen et al. 2003;
Lee and Peart 1998; Spengler et al. 2001;
Ternes et al. 1999). Notwithstanding this, the
effective effluent concentration (40%) for
induction of an ovarian cavity in male roach in
this study was similar to that shown for
another WwTW efﬂuent (Rodgers-Gray et al.
2001), whereas the threshold for VTG induc-
tion was higher than that previously reported.
If exposed to an estrogenic stimulus, even
young roach can produce VTG (Rodgers-Gray
et al. 2001), and our recent studies have shown
that estrogen receptors α and β are expressed
in roach as early as 28 dph (Katsu Y, Iguchi T,
Lange N, Tyler CR, unpublished data), well
before the onset of gametogenesis (roach
mature as 2- or 3-year-olds). The titer of VTG
produced in the juvenile roach in this study
(1,709 ng/mL) was relatively low compared
with the induction seen in roach exposed to
other WwTW effluents, for example, mean
homogenate VTG titers of 5,684 ng/mL and
27,040 ng/mL reported in juvenile roach after
exposure to a WwTW effluent (Liney et al.
2005; Rodgers-Gray et al. 2001), reﬂecting the
somewhat lower levels of steroid estrogens in
this effluent compared with others that have
been studied. The magnitude of VTG induc-
tion in the juvenile roach, however, was very
similar in adult roach exposed to this same
efﬂuent (Liney et al. 2005), thus conﬁrming
the previously documented sensitivity of the
early life stages of ﬁsh to estrogens (van Aerle
et al. 2002). Immunostaining with antibodies
against VTG revealed that VTG induced in
the effluent-exposed fish was detectable in
many of the body tissues, including the liver
(the site of its synthesis), kidney, and gonad
(ovaries and testes). Ovaries in the female ﬁsh
were at the previtellogenic stage of develop-
ment and thus would not normally be exposed
to or incorporate VTG. The VTG that had
entered the ovary, however, was not incorpo-
rated into the oocytes but rather was located in
the interstitial tissues. In the testes, VTG was
similarly localized in the interstitial tissue. The
kidney in the efﬂuent-exposed ﬁsh was espe-
cially loaded with VTG. Eosinophilic material
has been observed to accumulate in the tubules
and Bowman’s capsule of fish exposed to a
variety of estrogenic compounds, including
estradiol (Folmar et al. 2001b; Zaroogian et al.
2001) and ethinylestradiol (Schwaiger et al.
2000; Weber et al. 2003). Ethinylestradiol has
also been reported to cause severe hemorrhage
within the kidney tubule lumen when admin-
istered in large doses by injection (500 µg/kg
body weight) (Schwaiger et al. 2000). High
levels of VTG induction have also been linked
to renal failure and subsequent death of fish
(Folmar et al. 2001b; Herman and Kincaid
1988). However, laboratory exposures of
ﬂounder to the common alkylphenolic com-
pound octylphenol and to isomers of DDT
(dichlorodiphenyltrichloroethane) at very high
doses via injection did not induce the kidney
pathology observed when fish were injected
with estradiol in the same study (Mills et al.
2001; Zaroogian et al. 2001). Aquatic exposure
of carp to nonylphenol at environmentally rel-
evant concentrations also did not cause any
observable renal disruption (Weber et al.
2003). Field studies have reported renal disrup-
tion and accumulation of material in kidney
tubules in ﬁsh sampled from rivers (Schmidt-
Posthaus et al. 2001; Schrank et al. 1997),
lakes (Koponen et al. 2001), and estuaries
(Simpson et al. 2000; Stentiford et al. 2003)
known to be contaminated with a variety of
EDCs and other contaminants.
It is important to consider that fish col-
lected from the ﬁeld in these studies had been
exposed to a mixture of many aquatic pollu-
tants, and pathology observed in these cases
may be due not only to the effects of EDCs
but also to any possible nephrotoxic agents
present. Induction of VTG in the young roach
exposed to effluent was associated with
increased numbers of glomeruli, increases in
size of kidney tubules, and higher numbers of
BCs and DNs (reﬂecting the increased demand
for ﬁltration of VTG for its removal from the
circulation). There was no evidence, however,
of severe renal damage. Complementary stud-
ies have also shown a capacity for renal repair
after exposure to efﬂuent during early life; ﬁsh
exposed as embryos to this efﬂuent and subse-
quently allowed to depurate for 240 days (to
300 dph) in clean water showed no effects on
kidney structure (Liney KE, Jobling S,
Tyler CR, unpublished data). After nephro-
toxic damage, the number of DNs has been
shown to signiﬁcantly increase. This effect has
now been reported after exposure to a variety
of renal toxicants, in many ﬁsh species at all life
stages, including rainbow trout (Reimschuessel
et al. 1993), goldfish (Reimschuessel et al.
1990), tilapia (Augusto et al. 1996), and
zebrafish (Reimschuessel 2001). It has been
proposed that BCs and DNs may be useful
biomarkers for assessing nephrotoxicity
(Cormier et al. 1995). Field evidence indicates
that wild fish sampled from sites of known
contamination have higher numbers of BCs
and DNs than do fish of the same species
Liney et al.
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Figure 5. Kidney histopathology parameters. (A) Kidney tubule diameter of roach (± SE). (B) Number of BCs
and DNs per trunk kidney section (± SE).
Signiﬁcantly different from control: *p < 0.05, #p < 0.001.
taken from less contaminated reference sites
(Cormier et al. 1995). Many toxicants are pre-
sent in effluents, and this implies that VTG
and other estrogen-inducible proteins are not
necessarily the only contributing factors to the
increased kidney tubule size and other renal
effects seen in the ﬁsh in this study.
Identification of the individual causative
agents of the various types of toxicity observed
here was beyond the scope of this study, but it
is possible to draw strong associations between
the effects seen and certain chemicals present
in efﬂuent, based on ﬁndings in the published
literature. The overall estrogenic potency of
WwTW effluents from domestic sources is
principally determined by steroid estrogens
(Desbrow et al. 1998) and, to a lesser extent,
by alkylphenolic compounds, and substantial
evidence suggests a causal association between
steroid estrogens in efﬂuent and VTG induc-
tion in fish. Many studies have shown that
steroid estrogens (and in some cases alkylphe-
nolic chemicals) induce VTG in ﬁsh at various
life stages at concentrations measured in
WwTW efﬂuents (Routledge et al. 1998). The
causative agent or agents of duct disruption in
the developing roach observed in this study
are, however, unknown. Feminization of the
reproductive duct has been induced in male
ﬁsh during laboratory exposure to estrogenic
chemicals commonly found in WwTW efﬂu-
ents, including estradiol (Gimeno et al. 1996),
ethinylestradiol (van Aerle et al. 2002), and
alkylphenolic compounds (Gimeno et al.
1997, 1998). The concentrations of any of
these estrogenic chemicals required to do this,
however, were higher than those found in the
efﬂuent tested here, which suggests that femi-
nization of the reproductive ducts is probably
due to combination effects of estrogens pre-
sent in the efﬂuents and/or to effects via other
mechanisms of action.
Several environmental pollutants, includ-
ing polycyclic hydrocarbons (PAHs) and
heavy metals (e.g., tributyltin and lead) can
cause DNA damage, by direct strand break-
age, Mn formation, or metabolic conversion
into reactive intermediates that form unstable
DNA adducts (Ferraro et al. 2004). Heavy
metals have a tendency to bind to phosphates
and a wide variety of organic molecules,
including base residues of DNA, which can
lead to mutations by altering the primary and
secondary structures of the DNA. EDCs pre-
sent in treated WwTW effluents, such as
steroidal estrogens [Dhillon and Dhillon
1995; reviewed by Joosten et al. (2004); Liehr
2000], xenoestrogens [nonylphenol, nonyl-
phenol polyethoxylates (NPEOs); Harreus
et al. 2002], and BPA (Suarez et al. 2000), are
also capable of inducing various types of
genetic lesions, including aneuploidy, chromo-
somal aberrations, Mn, and DNA strand
breaks both in vitro (Dhillon and Dhillon
1995; Yared et al. 2002) and in vivo (Gronen
et al. 1999). 17β-Estradiol has also been
shown to attenuate nucleotide excision repair
(Evans et al. 2003) and hence might perpetu-
ate any damage caused by genotoxins and pro-
long the time taken for DNA repair. The
literature would, however, suggest that the
concentrations of any of these chemicals
required to induce genotoxicity in vitro are
higher than those found in most treated
WwTW effluents. NPEO (Harreus et al.
2002) and BPA (Ochi 1999; Pfeiffer et al.
1997; Suarez et al. 2000), for example,
induced DNA damage (strand breaks, Mn,
aneuploidy, and/or adduct formation) at con-
centrations ≥ 10 µg/L (Harreus et al. 2002)
and 12 ng/L, respectively. Estradiol and
estrone induced increases in Mn and dose-
related increases in strand breaks in human
breast cancer cell lines (Yared et al. 2002) at
concentrations as low as 10–9 M (~ 200 ng/L).
Experiments to investigate the microsomal
metabolism of estrogen in the channel catﬁsh
Ictalarus punctatus have indicated that the pre-
dominant metabolites of estradiol formed by
the liver, gill, and gonad microsomes were
2-hydroxyestradiol and estrone but that expo-
sure to the genotoxic compound benzopyrene
induced the hepatic formation of the
4-hydroxyestradiol, a potentially genotoxic
estrogen metabolite (Butala et al. 2004). These
results suggest that highly reactive genotoxic
metabolites of estradiol may form in fish
when exposed to genotoxic and estrogenic
compounds simultaneously.
Many of the chemical pollutants com-
monly found in WwTW efﬂuents have been
shown individually to affect immune function
(Dean et al. 1994; Vos 1977). Although most
of this work has been performed in mammals,
many of the chemical pollutants capable of
suppressing human immune responses have
since been found to alter immune responses in
fish and, in many cases, bring about similar
effects and act via similar mechanisms
(Galloway and Handy 2003; Zelikoff et al.
1994). This is true not only for xenobiotics
such as PAHs, solvents, pesticides, aromatic
amines, and heavy metals but also for endoge-
nous hormones that can act indirectly to sup-
press immune function (Zelikoff et al. 1994).
In a field study of feral fish populations
exposed to PAH-contaminated sediments, a
decrease in the activity of nonspeciﬁc cytotoxic
cells (NCCs) was attributed to PAH-induced
degradation of the NCC surface receptor
(Faisal et al. 1991). However, chronic and
acute exposures may cause the release of
immunosuppressive neuroendocrine media-
tors, and the immunosuppression in these
studies may have been due to the release of
endogenous opioids (Faisal et al. 1991). This
highlights the ways in which both direct and
indirect (nonchemical) stress factors may con-
tribute toward immunosuppression and hence
susceptibility to disease, particularly in relation
to complex mixtures such as WwTW efﬂuents.
When taken together, the data presented
demonstrate that WwTW effluents (and the
chemicals therein) have a multiplicity of bio-
logical effects and can be genotoxic and
immunotoxic and/or can cause endocrine dis-
ruption in ﬁsh. An unexpected ﬁnding in our
study was that the damage to DNA (measured
by the comet assay), increased number of Mn,
and alteration in numbers of lymphocytes
found in the exposed ﬁsh were more responsive
to the treated efﬂuent than VTG induction or
feminization of the reproductive ducts because
the effective concentrations of efﬂuent induc-
ing these effects were half (or even less) for the
concentrations found to induce endocrine
(feminizing) effects or effects on kidney devel-
opment (BCs and DNs; Figure 6). These ﬁnd-
ings thus indicate the need for multiple
biological end points in tests for assessing the
potential health effects of WwTW efﬂuent.
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